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Abstract:  23 

Concentrations of polycyclic aromatic hydrocarbons (PAHs) in soils and soil 24 

seepage waters were analyzed along with dissolved organic carbon (DOC) to 25 

investigate the ecological risks and factors controlling the subsurface transport of PAHs 26 

in karst terrain in southwest China. The concentrations of dissolved PAHs in soil 27 

seepage water increased with depth and the mean concentrations at a depth of 80 cm 28 

were relatively high (exceeding 1147 ng/L). PAH composition in soil seepage water 29 

was dominated by low molecular weight (LMW) PAHs, whereas those associated with 30 

soil matrix were dominated by high molecular weight (HMW) PAHs. The results 31 

revealed that HMW PAHs in soil seepage water were closer to the equilibrium of 32 

dissolution than LMW and medium molecular weight (MMW) PAHs. However, due to 33 

the carrier functions of dissolved organic matter (DOM) for HMW PAHs, all PAHs can 34 

be continuously dissolved in the soil seepage water from soil matrix as the water moved 35 

vertical downward through the profiles. During this process, dynamic sorption and 36 

desorption processes were occurring between constituents in the soil seepage water and 37 

the soil matrix. This study demonstrates soil seepage water has posed a high risk to the 38 

groundwater, and effective protection is urgently needed.  39 

Keywords: Polycyclic aromatic hydrocarbons; Karst hydrology; Soil seepage water; 40 

Dissolved organic carbon; Ecological risk assessment 41 

In this study, we found the concentrations of PAHs in soil seepage water increased with 42 

depth, and PAHs in soil seepage water has posed a high risk to the groundwater.  43 

1 Introduction 44 
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Polycyclic aromatic hydrocarbons (PAHs) are typical of persistent organic 45 

pollutants; they are highly toxic and are suspected of being carcinogenic and mutagenic 46 

(Chen et al., 2011; Niu et al., 2017). Previous studies have demonstrated that 2–3 ring 47 

PAHs are acutely toxic, but less mutagenic than 4–6 ring PAHs, the latter of which are 48 

both mutagenic and carcinogenic (Bolden et al., 2017). Therefore, the U.S. 49 

Environmental Protection Agency (USEPA) has listed 16 PAHs as priority control 50 

pollutants (Ball and Truskewycz, 2013). PAHs are primarily formed by incomplete 51 

combustion or pyrolysis of organic matter, and anthropogenic activities (e.g., the 52 

incomplete combustion of fossil fuels, coke production, various industries) are their 53 

main sources (Liu et al., 2016).  54 

PAHs emitted into the atmosphere can be transported over long distances prior to 55 

their deposition over terrestrial and aquatic surfaces. Soils are the main repository of 56 

PAHs in terrestrial systems (Marzooghi and Toro, 2017). Due to their low degradability 57 

and hydrophobicity, PAHs may be accumulated and stored in soils for decades. 58 

However, PAHs can be remobilized by runoff, or transported to groundwater by 59 

downward migrating soil seepage waters. Thus, PAHs have the potential to seriously 60 

degrade water and soil quality, and both human and biotic health can be damaged by 61 

drinking contaminated water, ingesting contaminated soils and/or inhaling PAHs 62 

emitted from soils (Paris et al., 2018; Drwal et al., 2019). The potential impact of PAHs 63 

is controlled in part by PAH sorption, and transformation processes, which influence 64 

the concentrations and migration of PAHs in soil, and emission of PAHs from the soil.  65 

Schwarz et al. (2011) suggested that PAHs were effectively retained in soils even 66 
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in highly vulnerable karst catchments, and only during early spring (e.g. snowmelt 67 

events) can particle– facilitated transport lead to PAH concentration in groundwater 68 

above the drinking water limits. However, the infiltration of PAHs from overlying soil 69 

to groundwater has the potential to greatly effect groundwater quality. Due to the rapid 70 

downward movement of soil seepage water in some karst terrains (Yuan, 2000; Yang et 71 

al., 2012), PAHs sorbed to the soil matrix may be desorbed and migrate to groundwater. 72 

Organic matter in the soil matrix has the potential to dissolve in soil seepage water, 73 

forming DOM. Hence, soil-bound PAHs may be remobilized by its complexation with 74 

DOM as DOM is released from the soil matrix. Thus, the quality of mobile soil water 75 

and its DOM content have an important effect on groundwater.  76 

Groundwater in karst terrains is an important resource as approximately 25% of 77 

the world’s population uses it as a domestic water supply (Ford and Williams, 2007). 78 

There are approximately 2836 underground rivers mapped in karst terrains in south 79 

China, with a total length of about 13919 km. Their multi-annual mean discharge is 80 

about 1482 m3/s, and they provide about 1808×108 m3/a of water (Yang, 1985). Our 81 

study area is located within the karstic catchment of the Laolongdong (LLD) karst 82 

underground river in Chongqing, southwest China. The catchment is typical of many 83 

karst terrains, being characterized by a thin layer of surface soil that overlies soluble 84 

rocks possessing enormous interconnected fissures. These properties allow for the rapid 85 

infiltration of precipitation and rapid movement of soil water (Yuan, 2000). Therefore, 86 

the karst groundwater system is particularly vulnerable to contamination. Chongqing is 87 

the largest municipal economic center in southwest China and an important 88 
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communications hub. It has a population of 30 million, and is located along the upper 89 

reaches of the Yangtze River. Chongqing also has many heavy industrial facilities and 90 

a high traffic density. Previous studies have found higher airborne PAH concentrations 91 

in Chongqing compared with other cities in China (Zhao et al., 2014), and the 92 

concentrations of 1-OHPyr in urinary samples from children who live in Chongqing are 93 

higher than they are in other countries (Liu et al., 2017). Intensive urbanization in 94 

Chongqing led to the discharge of large amount of PAHs into soils and then into 95 

groundwater (Lan et al., 2016). Recently, Lan et al. (2018) reported that the 96 

concentrations of PAHs in the topsoil, groundwater and sediments were elevated in the 97 

LLD underground river system. These elevated PAHs concentrations will pose an 98 

increasing burden on groundwater quality and the health of the underground river 99 

ecosystem (Lan et al., 2018). Our previous study has shown the ecological risk of PAHs 100 

in groundwater in karst system were much higher than those in non-karst areas (Lan et 101 

al., 2020). 102 

However, data pertaining to the concentration, seasonal variation, vertical 103 

migration and the ecological risk of PAHs in soil seepage water within karst terrains in 104 

general, and the LLD catchment in particular, are scarce. The primary aims of this study 105 

were to (1) investigate the vertical migration and variation of PAHs in soil seepage 106 

water within the LLD karst underground river system; (2) identify the factors 107 

controlling the vertical migration of PAHs within soil seepage water; and (3) assess the 108 

ecosystem risk posed by PAHs in both soil and soil seepage water using risk quotients.  109 

 110 
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2 Material and methods 111 

2.1 Sample sites and collection 112 

Soil and soil seepage water samples were collected from 6 sites (S1-S3 for soil; 113 

W1-W3 for soil seepage water), which were located directly above the LLD 114 

underground river (Fig.1). The study area was reported in detail in our previous paper 115 

(Lan et al., 2018). Each soil sampling site is located directly adjacent to soil seepage 116 

water sampling sites. Sites S1 and W1 were located in the upper reaches, S2 and W2 in 117 

the middle reaches, and S3 and W3 in the lower reaches of the LLD underground river. 118 

Land use at S1 and S2 consisted of vegetable fields, whereas land use at S3 consisted 119 

of shrub vegetation. S1, S2 and S3 soil profiles were over 100 cm. The mean values of 120 

TOC at S1, S2 and S3 were 23.4 ± 8.3 g/kg, 31.2 ± 8.1 g/kg and 24.6 ± 14.4 g/kg, 121 

respectively; pH at S1, S2 and S3 was 6.86 ± 0.87, 7.75 ± 0.14, 7.37 ± 0.44, respectively 122 

(Xie, 2017). The soil seepage water collection equipment (made by the Institute of Karst 123 

Geology, Chinese Academy of Geological Sciences) was placed at three depths at each 124 

site, 20, 50 and 80 cm below the ground surface, and three seepage water collection 125 

devices were placed at each depth. The seepage water samples from the same depth 126 

were mixed prior to analysis; thus, the concentration reported for PAHs represents an 127 

average value from the three seepage water collection devices for each sampling site. 128 

The installation of soil seepage water collection device did not damage the soil layer. 129 

Soil samples were collected in May 2015. Soil seepage water samples were collected 130 

using soil seepage water collection device monthly from May 2015 to April 2016. In 131 

total, 33 soil samples 101 soil seepage water samples were collected in this study area. 132 
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The sample collection method of soil was reported in detail in our previous paper (Sun 133 

et al., 2019). The sample collection method of soil seepage water was described 134 

elsewhere (Chen and Li, 2018).  135 

2.2 Sample preparation and PAH analysis 136 

Sample extraction, instrument analysis and analytical quality controls were 137 

reported in detail in our previous paper (Sun et al., 2019). They will only be described 138 

briefly here. After freeze drying, soil samples were extracted by accelerated solvent 139 

extraction (ASE350, Thermo Scientific), cleaned via aluminum oxides and silica gel 140 

column chromatography, and analyzed by GC-MS (Agilent 7890A GC, 5975C MSD) 141 

in selected ion monitoring (SIM) modes. Soil seepage water samples were extracted by 142 

automatic solid-phase extraction system (SPE-DEX 4790, Horizon technology), then 143 

analyzed by GC-MS with internal PAH standards. The 16 priority PAHs monitored in 144 

this study were: naphthalene (Nap), acenaphthylene (Acy), acenaphthene (Ace), 145 

fluorene (Flu), phenanthrene (Phe), anthracene (Ant), fluoranthene (Fla), pyrene (Pyr), 146 

chrysene (Chry), benzo(a)anthracene (BaA), benzo(k)fluoranthene (BkF), 147 

benzo(b)fluoranthene (BbF), benzo(a)pyrene (BaP), dibenzo(a,h)anthracene (DaA), 148 

and indeno(1,2,3-cd)pyrene (InP). The 16 PAHs mixed stock standard was purchased 149 

from Dr. Ehrenstorfer GmbH Inc., Germany.  150 

2.3 Quality control and quality assurance 151 

Method detection limits for 10 g solid samples ranged from 0.5 to 3.1 ng/g dry 152 

weights and varied from 0.2 to 1.5 ng/L for the 1 L water samples with GC-MS SIM 153 

mode. Average recovery rates for surrogate standards were 70 ± 5%, 80 ± 5.6%, 92 ± 154 



8 

 

7.5%, 95 ± 12%, 96 ± 8.5% for naphthalene-d8, acenaphthene-d10, phenanthrene-d10, 155 

for chrysene-d12, and perylene-d12, respectively. PAHs concentration of each sample 156 

were recovery-corrected.  157 

2.4 DOC analysis 158 

DOC in soil seepage water was measured by a total organic carbon (TOC) analyzer 159 

(JENA 3100 TOC meter). DOC was determined in triplicates with a relative standard 160 

deviation less than 1%. 161 

2.5 Ecological risk assessment 162 

PAHs in soil seepage water can be adsorbed by plant roots and soil organisms more 163 

easily than from the soil matrix (Wells et al., 2005; Gao et al., 2008; Levy et al., 2017). 164 

Thus, it is necessary to assess the ecological risk of PAHs in soil seepage water. A risk 165 

quotient (RQ) was used here to assess potential risks posed by PAHs in soil seepage 166 

water. The RQ is defined as the ratio of certain pollutants to the corresponding 167 

concentration of the pollutant in the medium, and is extensively used for the evaluation 168 

of the undesirable impacts caused by environmental pollutants in an ecological system 169 

(Kalf et al., 1997; Cao et al., 2010). RQ can be used to assess the ecological risk of 170 

PAHs in water, sediments or soils, and to compare the values among different medium 171 

(Kalf et al., 1997). The RQ was calculated as follows: 172 

RQ=
CPAHs

CQV

 173 

where CPAHs was the concentration of certain PAHs in a given medium and CQV was the 174 

corresponding quality values for a given PAHs in the medium. 175 

Furthermore, RQ of the negligible concentration (RQ(NCs)) and maximum 176 
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permissible concentration (RQ(MPCs)) for individual PAHs in soil seepage water were 177 

also determined using the equations below: 178 

RQ
NCs

=
CPAHs

CQV(NCs)

 179 

RQ
MPCs

=
CPAHs

CQV(MPCs)

 180 

where CQV(NCs) was the quality values of the negligible concentrations of PAHs, and 181 

CQV(MPCs) was the maximum permissible concentrations of PAHs. 182 

The ecosystem risk of ∑PAHs was calculated using the method put forth by Cao 183 

et al (2010). This method eliminates the problem that ecological risk of individual PAHs 184 

was neglected when calculating ecological risk using the approach by Kalf et al (1997). 185 

The modified RQ∑PAHs, RQ∑PAHs(NCs) and RQ∑PAHs(MPCs) were calculated as follows: 186 

RQ∑PAHs
=∑RQ

i 
(RQ

i
≥1)

16

i=1

 187 

RQ∑PAHs(NCs)
=∑RQ

i(NCs) 
(RQ

i(NCs)
≥1)

16

i=1

 188 

RQ∑PAHs(MPCs)
=∑RQ

i(MPCs) 
(RQ

i(MPCs)
≥1)

16

i=1

 189 

Based on the ecological risk assessment of 16 individual PAHs, RQ∑PAHs(NCs) and 190 

RQ∑PAHs(MPCs) values were calculated by summing RQ(NCs) and RQ(MPCs) of individual 191 

PAH which exhibited RQ that were greater than 1. The ecological risk of PAHs in soil 192 

seepage water within the LLD karst underground river system was evaluated and 193 

compared with the reference quality values reported by Kalf et al., (1997) and Cao et 194 

al., (2010). 195 

 196 
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3 Results and discussion 197 

3.1 Vertical variations and composition of PAHs in soil profiles 198 

The PAHs at the three sites predominantly accumulated on soil materials at depths 199 

of 0-40 cm below the ground surface (Fig. 2). Concentrations then decreased with 200 

increasing depth, suggesting that PAHs could be effectively retained in the soil even in 201 

a highly vulnerable karst catchment. The concentration of PAHs varied widely within 202 

the three soil profiles. Variations ranged at S1 from 44.9 to 406 ng/g, with a mean 203 

concentration of 154 ng/g, from 206 to 2127 ng/g at S2, with a mean concentration of 204 

698 ng/g, and from 43.2 to 1902 ng/g with a mean concentration of 559 ng/g at S3. At 205 

a depth of 20 to 40 cm, which corresponded to the boundary between the humic or 206 

plough layer and the mineral soil, a sharp decrease in PAH concentrations occurred. 207 

The PAH concentrations were less than 76 ng/g, with a mean concentration 69.1 ng/g 208 

in soil layers beneath 20 cm at S1; at S3 the mean concentration was 58.5 ng/g in soil 209 

layers beneath 40 cm. However, at S2, a sharp decrease in PAH concentrations occurred 210 

at the depth of 2 cm, changing from 2127 ng/g (at 2 cm) to 917 ng/g (at 10 cm). The 211 

mean PAHs concentration was 555 ng/g in the soil layers beneath 2 cm at S2, and was 212 

much higher than at S1 and S3. Furthermore, the PAH concentration was 388 ng/g in 213 

soil at 100 cm in depth at S2, and was close to the concentration of PAHs (404 ng/g) in 214 

0-2 cm soil layer at S1. However, the concentration of PAHs in soil at 100 cm in depth 215 

at S1 and S3 were only 67.4 ng/g and 43.6 ng/g, respectively. These data showed that 216 

the mobility of PAHs at S2 was much higher than at the other two soil profiles. 217 

Although data from the soil profiles showed that the PAHs were effectively 218 
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retained in the soils, the PAH concentrations in soil seepage water increased in the 219 

following order: 20 cm < 50 cm < 80 cm (except at W2 during the rainy season). These 220 

data show that soil seepage water might play a key role in the vertical migration of 221 

PAHs in soils in karst terrains. Due to the thin soil layer and high permeability (Yuan, 222 

2000; Yang et al., 2012), some of the PAHs in soil might had been dissolved in soil 223 

seepage water during its downward movement, and was transported to groundwater. 224 

From this point, the overlying soil in karst terrains had lost the potential to protect 225 

groundwater to some degree.  226 

The 4-, 5- and 6-ring PAHs dominated the PAHs composition (Fig. S1). The 227 

percentage of 4-, 5- and 6-ring PAHs at S2 was the highest among the 3 soil profiles, 228 

with a mean of 88%. For the 2- and 3-ring PAHs, the percentage at S1 was the highest 229 

among the 3 soil profiles, with a mean of 34.6%. At S1, PAH composition fluctuated 230 

greatly from 0 cm to 70 cm; however, within the 80-90 cm soil layers, PAH composition 231 

was uniform. At S2, the 4-ring PAHs accounted from 9.6% to 23.6% of the total, 232 

whereas 5- and 6-ring PAHs constituted 62% to 82.9% of the PAHs. The 2- and 3-ring 233 

PAHs contributed a relative minor percentage of the PAHs (7.4-18.7%). More uniform 234 

proportions of 2- and 3-ring (12±2%), 4-ring (13±2%) and 5- and 6-ring (75±3%) 235 

PAHs were observed in all soil layers at S2. At S3, a decrease in 5- and 6-ring PAHs, 236 

and an increase in 2-, 3- and 4-ring PAHs were observed from 0 cm to 100 cm in depth. 237 

In the 0-40 cm soil layer, 2- and 3-ring (8.5±3%), 4-ring (11±3%), and 5-and 6-ring 238 

(81±6%) PAHs exhibited uniform values. However, in the 40-100 cm soil layer, the 239 

PAH composition varied greatly.  240 
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3.2 Variations and composition of PAHs in soil seepage water  241 

The vertical variations of PAHs in soil seepage water are shown in Fig. 3. Fifteen 242 

PAHs (all except DaA) were detected in soil seepage water. PAH concentrations in soil 243 

seepage water at W1 ranged from106 to 4649 ng/L; the mean concentration was 1324 244 

ng/L. At W2, the concentrations ranged from 239 to 3940 ng/L, whereas the mean 245 

concentration was 1029 ng/L. The range of PAH concentrations at W3 was 151 to 2958 246 

ng/L; the mean concentration was 870 ng/L. With the exception of site W2, the PAH 247 

concentrations in soil seepage water increased with depth in the following order: 20 cm 248 

< 50 cm < 80 cm (Fig. 3). This trend indicates that PAHs were continuously dissolved 249 

in the soil seepage water from soil matrix as the water moved vertical downward 250 

through the profiles at W1 and W3. In contrast to the other two sites, concentrations of 251 

PAHs at W2 tended to increase from 20 to 50 cm in depth. However, from 50 to 80 cm 252 

in depth, the concentrations of PAHs in soil seepage water remained nearly constant 253 

(Fig. 3). The consistent PAH concentrations below 50 cm at W2 may result from the 254 

fact that soil seepage water resides in the zone of saturation and as the groundwater 255 

level rose during the rainy season (from May 2015 to October 2015), PAH 256 

concentrations at 80 cm in depth were diluted. The mean concentrations of PAHs at W2 257 

during the rainy season decreased between 20, 50 and 80 cm in depth (Fig. 3). However, 258 

during the dry season (from November 2015 to April 2016) the mean concentration at 259 

20, 50, and 80 cm systematically increased downward (Fig. 3). The observed trends 260 

support the argument that PAH concentrations in soil seepage water at W2 at 80 cm in 261 

depth were diluted during the rainy season by groundwater within the zone of saturation. 262 
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The mean concentrations of PAHs in soil seepage water at W1 and W3 at depths of 20, 263 

50, and 80 cm all systematically increased downward during the rainy season and the 264 

dry season (Fig. 3).  265 

The composition of PAHs for a given year was investigated by ring number in soil 266 

seepage water from the LLD underground river system (Fig. S2). Three-ring PAHs 267 

dominated at different depths at W1, W2 and W3. On average, 3-ring PAHs occupied 268 

76.2%, 78% and 58.2% of total PAHs in soil seepage water at W1, W2 and W3, 269 

respectively. Two-ring, 4-ring and 5-ring PAHs occupied on average 11.3%, 8.4% and 270 

4.1% in soil seepage water at W1, and 16.3%, 14.9% and 9.9% at W3, respectively. 271 

However, at W2 the percentage of PAHs in soil seepage water followed a different 272 

sequence. Two-ring, 5-ring and 4-ring PAHs occupied on average 8.8%, 8.2% and 5.1%, 273 

respectively. The relative contents of 6-ring PAHs were the lowest. In fact, 6-ring PAHs 274 

could not be detected in all soil seepage water samples. An exception was soil seepage 275 

water collected in August, 2015 from 50 cm in depth at W3. At W1 and W2, Flu 276 

dominated the PAHs composition (41.9% and 51.2%, respectively), followed by Phe 277 

(22%), Nap (11.3%) and Ace (7.7%) at W1, and Phe (13%), Ace (10.4%) and Nap 278 

(8.8%) at W2. However, at W3, 23.9% of the total PAHs concentration was represented 279 

by Phe, followed by Flu (19.1%), Nap (16.3%) and Ace (7.8%). Different transport 280 

mechanisms may be responsible for the variation in composition of the PAHs in soil 281 

seepage water at different depths between the three sample sites. At W1, 5-ring PAHs 282 

were only detected in soil seepage water at 20 and 50 cm depths during the dry season, 283 

accounting for a mean percentage of 12% and 16%, respectively. At W2, the percentage 284 
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of 5-ring PAHs in soil seepage water increased from 20 cm depth to 50 cm depth; 285 

however, from 50 cm to 80 cm depth, the percentage of 5-ring PAHs decreased. At W3, 286 

the percentage of 5-ring PAHs in soil seepage water exhibited a decrease from 20 cm 287 

to 80 cm in depth. These trends suggest 5-ring PAHs were re-adsorbed by soil matrix 288 

during the migration of soil seepage water from 20 cm to 80 cm in depth. At W2, even 289 

at 80 cm depth, the percentage and detection ratio of 5-ring PAHs in soil seepage water 290 

were all higher than at W1 and W3. These higher values may indicate that 5-ring PAHs 291 

were easier to leach into soil seepage water at W2 than at W1 and W3. This may be due 292 

to the fact that the soil profile at 80 cm in depth at W2 was located in the zone of 293 

saturation during the rainy season, allowing groundwater to more easily leach 5-ring 294 

PAHs from the soil matrix. During the dry season, the percentage of 5-ring PAHs was 295 

higher than during the rainy season (Fig. S2). The results indicate 5-ring PAHs were 296 

easier to desorb into soil seepage water during the dry season than the rainy season. 297 

Schwarzenbach and Westall (1981) found that the sorption and desorption of nonpolar 298 

organic compounds from soil were slow kinetic processes. Due to the higher hydraulic 299 

conductivity of soil during the rainy season, the rain water would quickly penetrate the 300 

soil layer. The rapid movement of the water would not allow enough time for PAHs to 301 

desorb from the soil matrix. This conclusion is supported by the percentage of 5-ring 302 

PAHs in soil seepage water during a rain storm in July, 2015 (Fig. S2). During the storm 303 

event, precipitation quickly moved into the underground river, and 5-ring PAHs could 304 

not be detected in most soil seepage water samples (exceptions occurred 50 cm depth 305 

at W2 and 20 cm depth at W3).  306 
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A comparison of PAH composition in the soil seepage water and soil matrix (Figs. 307 

S1, S2) showed that they differed significantly; the PAHs in soil seepage water were 308 

dominated by LMW PAHs (2- and 3-ring PAHs), whereas that of soil was dominated 309 

by HMW PAHs (5- and 6-ring PAHs). Since LMW PAHs possess lower octanol-water 310 

partitioning coefficients than HMW PAHs, they tend to be more enriched in the soil 311 

seepage water. In addition, HMW PAHs are more resistant to degradation processes in 312 

the soil (Simarro et al., 2013). Due to the re-adsorption of HMW PAHs in soil seepage 313 

water by the soil matrix, the deep soil layers also exhibited higher percentages of HMW 314 

PAHs.  315 

3.3 Factors controlling PAHs in soil seepage water 316 

3.3.1 Effect of physicochemical properties of PAHs on their dissolution 317 

The n-octanol-water partition coefficient can directly control PAH concentrations 318 

in the water. In addition, physicochemical properties such as water solubility and 319 

Henry’s law coefficient are also strongly exponentially related to the n-octanol-water 320 

partition coefficient (van Noort, 2009; Kang et al., 2016). Figure 4 shows the relation 321 

between the solubility, concentrations and n-octanol-water partition coefficient of PAHs 322 

in the soil seepage water. Log S and log Kow values were taken from the literature 323 

(Moeckel et al., 2014; Kang et al., 2016). The concentrations of PAHs were all lower 324 

than their solubility. At W1 and W3, the concentrations of LMW and MMW PAHs 325 

(3.37-5.86 of log Kow) at 80 cm depth were closer to their solubility than those at 20 326 

and 50 cm depth. However, at W2, the concentrations of PAHs at 50 cm depth were 327 

closer to their solubility than those at 20 and 80 cm depth. With an increase in Kow, the 328 
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difference between the concentration and solubility decreased. Within the range of 3.37-329 

4.54 of log Kow, the solubilities of PAHs were 3.3-6.2 log units higher than the 330 

concentrations. Within the range of 5.22-5.86 of log Kow, the solubilities of PAHs were 331 

2.9-4.6 log units higher than the concentration. However, within the range of 6-6.75 of 332 

log Kow, the solubilities of PAHs were 0.8-2.8 log units higher than the concentrations. 333 

These results showed that all PAHs did not reach the equilibrium of dissolution, but 334 

HMW PAHs (5.8-6.75 of log Kow) were closer to equilibrium dissolution than LMW 335 

and MMW PAHs. Therefore, the capacity of dissolving LMW and MMW PAHs in soil 336 

seepage water were greater than HMW PAHs. LMW and MMW PAHs can be easier 337 

dissolved in the soil seepage water from soil matrix as the water moves vertical 338 

downward through the profiles (Perrette et al., 2013; Levy et al., 2017).  339 

3.3.2 Effect of DOM on PAHs in soil seepage water 340 

Previous studies have shown that the environmental fate and behavior of 341 

hydrophobic organic compounds in soil is ultimately determined by the 342 

physicochemical properties of each compound and the properties of the soil, such as its 343 

organic matter content (Chiou et al, 1983; Sverdrup et al., 2002; Chen et al., 2017). 344 

With regards to the composition of the soil, the sorption of hydrophobic organic 345 

compounds from water is primarily governed by its sorption onto soil organic matter; 346 

sorption by the soil mineral fraction is relatively unimportant (Chiou et al., 1983). Soil 347 

organic matter tends to dissolve in infiltrating rainwater, forming dissolved organic 348 

matter (DOM). Generally, DOM is quantified through measurement of dissolved 349 

organic carbon (DOC). Due to the prevalence and relative stability of DOM in water, it 350 
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is possible that it can significantly affect PAH sorption. Many studies have indicated 351 

that DOM enhances the apparent water solubility and mobility of highly hydrophobic 352 

contaminants, such as PAHs (Rav-Acha and Rebhun, 1992; McGinley et al., 1996; 353 

Lührmann and Noseck, 1998; Moon et al., 2003; Moeckel et al., 2014). This increase 354 

in solubility results from the binding of DOM with organic pollutants to form humic-355 

solute complexes. Thus, soil-bound PAHs may become remobilized in association with 356 

DOM as the latter is released into the water.  357 

In order to determine the role of DOM in the transport of PAHs in soil seepage 358 

water, a Pearson correlation analysis was applied to assess the relationship among total 359 

PAHs, (2+3) ring PAHs, 4- and 5-ring PAHs with DOC in soil seepage water (Figs. 5, 360 

S3). At W1 and W3, no significant correlations were observed between total PAHs, 361 

(2+3) ring, 4-ring PAHs and DOC. However, significant correlations were found 362 

between total PAHs, (2+3) ring, 4-ring PAHs and DOC at W2. Due to the predominance 363 

of (2+3) ring PAHs in soil seepage water, the correlation between them and DOC was 364 

similar to that between total PAHs and DOC. At W1, W2 and W3, significant 365 

correlations were observed between 5-ring PAHs and DOC. This is consistent with the 366 

findings of Moeckel et al. (2014) in an upland stream in the U.K. The lack of correlation 367 

between DOM and both LMW and MMW PAHs (4-ring PAHs) at W1 and W3 indicates 368 

that their input into soil seepage water was not linked to DOM. Rather, the input of 369 

PAHs to the soil seepage water from the soil matrix occurred through dissolution. 370 

Johnson and Amy (1995) found that soil-derived humic materials had much more effect 371 

on the transport and desorption of PAHs than aquatic-derived humic materials, and the 372 
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effects were greater for the more hydrophobic PAHs than for PAHs of lower 373 

hydrophobicity. Thus, the higher hydrophobicity and stronger affinity of 5-ring PAHs 374 

for DOM led to the input of 5-ring PAHs to be linked to DOM inputs, which indicates 375 

these PAHs were released simultaneously from the soil matrix to soil seepage water. 376 

The correlation between PAHs and DOC was highest at W2 among the three sites, 377 

suggesting that PAHs at S2 were the most mobile among the three soil profiles. This 378 

enhanced mobility can explain the more uniform proportions of PAHs observed 379 

between the soil layers at S2. The data show that DOM can enhance the mobility of 380 

HMW PAHs in soil in this study area. However, due to hydrophobicity, PAHs can be 381 

sorbed onto soil organic matter (SOM), which could increase the sorption and reduce 382 

the mobility of HMW PAHs associated with the DOM (Johnson and Amy, 1995). 383 

Furthermore, McCarthy and Jimenez (1985) showed that the binding of BaP to 384 

dissolved humic material was completely reversible and the extent of reversibility was 385 

unrelated to the sorption time. Thus, HMW PAHs dissociated from DOM could be 386 

sorbed onto SOM, which reduced the mobility of HMW PAHs, and led to lower 387 

detection ratios of HMW PAHs in soil seepage water at greater depths. 388 

Based on the above results, we can speculate that PAHs can be continuously 389 

dissolved in the soil seepage water from soil matrix as the water moved vertical 390 

downward through the profiles. During this process, dynamic sorption and desorption 391 

processes were occurring between constituents in the soil seepage water and the soil 392 

matrix. The processes may not have reached chemical equilibrium, and competitive 393 

solute sorption would occur. In this case, DOM played an important role, and DOM in 394 
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soil seepage water was an important carrier of PAHs, especially for HMW PAHs. 395 

3.4 Ecological risk assessment of PAHs in soil seepage water 396 

For evaluation of the ecological risk by PAHs in soil seepage water in karst terrains, 397 

RQ(NCs) and RQ(MPCs) for individual PAHs and PAHs were calculated and compared 398 

with their reference quality values in this study. In principle, if RQ(NCs) is < 1 for 399 

individual PAH, then the risk might be probably negligible concern. When RQ(MPCs) is > 400 

1, then the risk is high and immediate actions should be taken. When RQ(NCs) is > 1 and 401 

RQ(MPCs) is < 1, then the risk associated with PAHs contamination is mid-line and some 402 

control measures or remedial actions need be undertaken. The ecological risk 403 

classification of PAHs is shown in Table S1. The methodology for risk evaluation is 404 

detailed elsewhere (Kalf et al., 1997; Cao et al., 2010). 405 

The mean values of RQ(NCs) and RQ(MPCs) of PAHs at different soil seepage water 406 

depths are listed in Tables S2 and S3; At W1, RQ(MPCs) of individual PAHs were all less 407 

than 1.0 in soil seepage water, except for Flu at depths of 20 cm and 50 cm (RQ(MPCs) 408 

=5.2 and 6.5, respectively) (Compare Tables S2, S3 with S1). These RQ values indicate 409 

that Flu may pose a severe threat to plants and soil organisms. However, the mean 410 

values of RQ(MPCs) of Acy, Ace, Flu, Phe, Fla, and Pyr in soil seepage water at 80 cm in 411 

depth were equal to or higher than 1.0, indicating that the ecosystem was at high risk 412 

and suffered from severe toxicity. Remedial actions should be undertaken as soon as 413 

possible. At W2, the mean values of RQ(MPCs) of Flu and BbF in soil seepage water at 414 

20 cm in depth, Flu, BbF, and BkF at 50 cm in depth, and Acy, Ace, Flu, and BbF at 80 415 

cm in depth were higher than 1.0, again indicating the ecosystem was at severe risk. At 416 
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W3, the mean values of RQ(MPCs) for Flu and BkF in soil seepage water at 20 cm in 417 

depth, Flu and BbF at 50 cm in depth, and Acy, Ace, Flu, Phe, Pyr, BaA, and BbF at 80 418 

cm in depth were higher than 1.0, indicating severe risk in W3 soil seepage water. The 419 

mean values of RQ(NCs) of Nap, Ace, Flu, Phe, and Pyr at W1-3 in soil seepage water 420 

were higher than 1.0, indicating that these PAHs posed a moderate level of ecological 421 

risk. In contrast, Chry, BaP, BaA, and BgP only posed an ecological risk at particular 422 

sites. DaA showed no ecological risk at any site (Compare Tables S2, S3 with S1).  423 

Figure 6 shows that 3-ring, 4-ring, and 5-ring PAHs contributed to the main 424 

ecological risk burdens in soil seepage water. However, different ring PAHs had 425 

different ecological risk burdens in different sampling sites. At W1, 3-ring PAHs 426 

contributed the most ecological risk burdens. These values were similar to their 427 

contributions to PAH concentration (compare Fig. 6 with S1). At W2, 3-ring and 5-ring 428 

PAHs contributed the main risk to the ecosystem (Fig. 6). At a depth of 20 cm and 80 429 

cm, the contribution of 3-ring PAHs in soil seepage water to ecological risk was higher 430 

than that of 5-ring PAHs; however, at 50 cm depth, the contribution of 5-ring PAHs in 431 

soil seepage water was higher than that of 3-ring PAHs. At W3, 3-ring and 5-ring PAHs 432 

posed the most ecological risk in soil seepage water; however, at 80 cm in depth, 4-ring 433 

PAHs posed a moderate contribution to risk (16.6%) (Fig. 6). Therefore, HMW PAHs 434 

accounted for non-negligible proportions of RQ(NCs) at some sampling sites, although 435 

these PAHs accounted for very low proportions of PAH concentration (Fig. S1). In 436 

general, 3-ring PAHs accounted for the most ecological risk with a mean value of 68.3%. 437 

The 2-ring, 4-ring and 5-ring PAHs exhibited mean values of 0.58%, 7.3% and 23.3%, 438 
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respectively.  439 

RQ(MPCs) calculated using the ∑PAHs in soil seepage water were all higher than 440 

1.0. RQ(NCs) of ∑PAHs were all higher than 800 in soil seepage water, except for ∑PAHs 441 

at W1 and W3 at a depth of 20 cm, indicating severe risk for plants and soil organisms. 442 

RQ(NCs) of ∑PAHs at W1 and W3 at a depth of 20 cm depth were less than 800, but 443 

higher than 1.0, indicating medium risk. At W1 and W3 (Table S2; Fig. 6), the mean 444 

values of ecological risk were the lowest in soil seepage water at a depth of 20 cm, 445 

followed by those at 50 cm depth. The highest values were at 80 cm depth. However, 446 

at W2, the risk value in soil seepage water exhibited the following order: 20 cm < 50 447 

cm ≈ 80 cm in depth. The risk order was consistent with the order of mean ∑PAHs 448 

concentration, although its risk compositions were different from the compositions of 449 

∑PAHs concentrations. Apparently, the ecological risks in soil seepage water at 20 cm 450 

depth were lower than those at 50 cm or 80 cm depth. Furthermore, at 20 cm and 50 cm 451 

depth, the average risk of ∑PAHs at W2 were consistently the highest. At 80 cm depth, 452 

the average risk of ∑PAHs in soil seepage water at W1 and W3 were similar and much 453 

higher than at W2. The above results show that the ecological risks of soil seepage water 454 

increased with depth, which means soil seepage water will pose a high risk to the 455 

groundwater. RQ(NCs) of ∑PAHs in the soil matrix were all much less than RQ(NCs) of 456 

∑PAHs in soil seepage water (Fig. 6). These results indicate that the ecological risk in 457 

soil was much less than that in soil seepage water. 458 

 459 

4 Conclusions 460 
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This study shows that soil seepage water played a key role in the vertical migration 461 

of PAHs in soils within a karst terrain. Due to the region’s thin soils and high 462 

permeability, much of the PAHs in soil were dissolved in soil seepage water as the latter 463 

migrated vertically downward toward and into groundwater. Thus, overlying soil in this 464 

karst terrain had lost its ability to protect groundwater from PAH contamination. The 465 

concentration of PAHs in soil seepage water increased downward such that: 20 cm < 466 

50 cm < 80 cm (except at W2 during the rainy season). PAH composition in soil seepage 467 

water was dominated by LMW PAHs, whereas that in the soil matrix was dominated 468 

by HMW PAHs. HMW PAHs and DOM were released simultaneously from the soil 469 

matrix to the soil seepage water, suggesting that DOM in the soil seepage water is an 470 

important carrier of PAHs, especially for HMW PAHs. Ecological risk assessment 471 

indicated that the ecological risk in soil was much less than that in soil seepage water 472 

and the ecological risks in soil seepage water increased as soil seepage water migrated 473 

vertically downward. These trends indicate that soil seepage water will pose a high risk 474 

to the groundwater.  475 
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Figures  638 

Fig. 1 Location of sampling sites in the Laolongdong underground river system, 639 

Chongqing, Southwest China. 640 

Fig. 2 Vertical distribution of PAHs in soil profiles 641 

Fig. 3 Vertical variation of PAHs in soil seepage water (MT refers to the annual mean 642 

concentration of PAHs in soil seepage water; MR refers to the mean concentration of 643 

PAHs in soil seepage water during the rainy season; MD refers to the mean 644 

concentration of PAHs in soil seepage water during the dry season) 645 

Fig. 4 Relationships between log S, log C and log Kow of PAHs in soil seepage water 646 

Fig. 5 The relationship between 5-ring PAHs and DOC in soil seepage water. p is the 647 

significance of confidence, r represents Spearman’s coefficient of rank correlation. 648 

Fig. 6 RQ∑(NCs) values of individual PAHs and contributions to ecological risk in soil 649 

and soil seepage water from different depth  650 
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Fig. 2 677 
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Fig. 3 687 

 (MT refers to the annual mean concentration of PAHs in soil seepage water; MR refers 688 

to the mean concentration of PAHs in soil seepage water during the rainy season; MD 689 

refers to the mean concentration of PAHs in soil seepage water during the dry season) 690 
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